Abstract There is a pressing need to understand the consequences of human activities, such as land transformations, on watershed ecosystem services. This is a challenging task because different indicators of water quality and yield are expected to vary in their responsiveness to large versus local-scale heterogeneity in land use and land cover (LUC). Here we rely on water quality data collected between 1977 and 2000 from dozens of gauge stations in Puerto Rico together with precipitation data and land cover maps to (1) quantify impacts of spatial heterogeneity in LUC on several water quality indicators; (2) determine the spatial scale at which this heterogeneity influences water quality; and (3) examine how antecedent precipitation modulates these impacts. Our models explained 30-58% of observed variance in water quality metrics. Temporal variation in antecedent precipitation and changes in LUC between measurements periods rather than spatial variation in LUC accounted for the majority of variation in water quality. Urbanization and pasture development generally degraded water quality while agriculture and secondary forest regrowth had mixed impacts. The spatial scale over which LUC influenced water quality differed across indicators. Turbidity and dissolved oxygen (DO) responded to LUC in large-scale watersheds, in-stream nitrogen concentrations to LUC in riparian buffers of large watersheds, and fecal matter content and instream phosphorus concentration to LUC at the subwatershed scale. Stream discharge modulated impacts of LUC on water quality for most of the metrics. Our findings highlight the importance of considering multiple spatial scales for understanding the impacts of human activities on watershed ecosystem services.
Introduction
Watershed ecosystem services are essential for most societies so there is a pressing need to understand the ecological and social processes that can safeguard these services (Brauman et al. 2007 ). Humans influence watersheds through multiple pathways. They directly affect land use and land cover change (LUCC) (Lambin and Geist 2006) while substantial indirect effects occur via the atmosphere and hydrosphere (IPCC 2007) . These changes interact with socio-economic and political factors to determine the vulnerability of places and people to perturbations in their water resources (Turner et al. 2003) . In order to minimize vulnerability, one must begin to disentangle these varied human impacts, which are often confounded over temporal and spatial scales.
Of the many land-cover changes tropical landscapes are experiencing, two of the most significant to watershed ecosystem service provisioning and human well-being are the large increases in the extent of secondary forests and urban areas (Brown and Lugo 1990; Grimm et al. 2008) . The area of degraded and secondary forests in the tropics was recently estimated at 850 million hectares (ITTO 2002) . In spite of their increasing extent, dominance, and prevalence in tropical countries, second growth forests remain undervalued and underused for their capacity to provide environmental services and enhance human well-being. More information is needed on the capacity of regenerating secondary forests to provide many of the services attributed to primary forests including regulation of water flow and quality (ITTO 2002) .
In addition to extensive forest re-growth, many tropical regions are undergoing rapid urbanization. The percent of the global population living in cities increased from 10% in the 1990s to more than 50% in 2008, and is expected to reach 60% by 2030 (Grimm et al. 2008) . The majority of this increase is occurring in cities in tropical regions of the developing world (UNPD 2006) . Urban expansion poses direct and indirect threats to the integrity of streams and watersheds (Paul and Meyer 2001) . Increases in the extent of impervious surfaces alter the hydrological cycle while the discharge of pollutants into streams, rivers, and lakes leads to pollution of downstream waters and eutrophication. By placing demands on the provisioning capacities of upstream watersheds, urban dwellers also pose indirect threats to watershed ecosystems.
In addition to its direct impacts, changes in land use/land cover interact with other anthropogenic drivers such as climate variability to affect the provisioning capacities of watersheds (Meyer et al. 1999) . Global circulation models currently project an increase of surface temperature in tropical regions of 1-2°C during the next century (IPCC 2007) , and precipitation is expected to decline as much as 50% in some regions and seasons (Neelin et al. 2006) . Any attempt to understand the impact of future climate change on watersheds and water delivery systems must take into account the compounded effects of land use/land cover change and climate variability on watershed ecosystem services, and the temporal and spatial scales over which these effects are manifest (Allan 2004; Bruijnzeel 2004) .
Recognizing domains of scale for existing natural variation in ecological patterns and processes is often difficult (Wiens 1989; Levin 1992 ). Yet, choosing the appropriate scales of study and understanding the links among scales is crucial not only to predict the response of watershed ecosystem services to LUCC and climate variability but also to develop adequate indicators of the effects of human activities on stream conditions and consequently, effective management plans (Hunsaker and Levine 1995; Gergel et al. 2002; Allan 2004 ). For instance, experimental evidence collected to date suggests that increases in vegetation cover lead to more consistent and less extreme water yields, less erosion, and improved water quality relative to other non-vegetated land covers, but in the tropics, most of these results come from small (\1 km 2 ) catchments (Bruijnzeel 2004) . The effects of LUCC on stream yields and condition may be harder to detect at larger scales particularly if rainfall exhibits strong spatial variability within the watershed or if larger areas contain a greater variety of land covers (Gergel et al. 1999) . Different environmental and anthropogenic stressors are likely to exert their influence on water quality at different spatial and temporal scales (Gergel et al. 2002; Allan 2004 ). There is a need to expand research efforts to establish the effects of LUCC at multiple spatial scales on downstream waters and to observe how changes in watersheds have affected stream conditions through long-term analysis (Bruijnzeel 2004) .
Our goal in this paper is to investigate how historical shifts in land use and land cover (LUC) in Puerto Rico between 1977 and 2000 in combination with temporal variability in antecedent short-term precipitation have influenced water quality in the island. We also examine the spatial scales at which these changes impact water quality. To do so, we employ USGS water quality data from dozens of gauge stations throughout the island together with three land cover maps (1977, 1991, 2000) and detailed precipitation data from an island-wide network of weather stations. We address the following questions:
(1) How does spatial and temporal variation in LUC within and across watersheds influence stream water quality metrics in Puerto Rico? (2) At what spatial scale does landscape heterogeneity act to influence water quality? (3) How does variation in antecedent precipitation modulate the effects of LUC on stream water quality?
Methods

Study area
Puerto Rico is a Caribbean island (17°45 0 -18°30 0 N; 66°15 0 -67°15 0 W) stretching 160 km E-W and 55 km N-S. Its mountainous terrain creates barriers to northeasterly trade winds, resulting in a distinct precipitation gradient with areas in the southwest receiving less than half the annual rainfall (*750 mm) as areas in the northeast (*1,500-2,000 mm). Mean annual temperatures range between 19.4 and 29.7°C with cooler temperatures occurring at higher elevations (Daly et al. 2003) .
Puerto Rico is densely populated and to date, has lacked effective governmental land use planning and natural resources management (Dietz 1986; Hunter and Arbona 1995) . Socioeconomic changes in the island during the past 50 years have resulted in dramatic landscape and demographic transformations. The introduction of a government-sponsored industrialization program in the late 1940s shifted attention away from agricultural activities to manufacturing, leading to abandonment of agriculture and increases in the extent of secondary forests and urban areas (Fig. 1 , Appendix I in ESM) (Rudel et al. 2000; Grau et al. 2003 ). An influx of federal funds in the form of subsidies, health spending, and social security further encouraged rural-urban migration (Weisskoff 1985) . Forest cover rose from less than 10% of the island area in the 1930s to approximately 57% in 2003 (Brandeis et al. 2007 ). Recent studies coupling remote sensing images with population census data have shown that over 40% of the island is in some degree of urban sprawl (Martinuzzi et al. 2007) . Urban sprawl can degrade water quality, while the observed increase in forest cover has the potential to regulate water flow and improve water quality (Allan 2004; Bruijnzeel 2004) .
Land use/cover maps Three land use/cover maps from 1977 to 1978, 1991 to 1992 , and 2000 were used to quantify LUC during our study period. The earliest map was created using aerial photographs from 1977 and 1978 at 1:20,000 resolutions (Ramos and Lugo 1994) and digitized to polygons at a 1:24,000 scale. The other two LUC maps were based on Landsat TM and ETM ? mosaics of images taken in 1991-1992 and 2000 with 30 9 30 m resolution (Helmer et al. 2002; Kennaway and Helmer 2007) .
All map manipulations and spatial analyses were performed using ESRI ArcGIS 9.2. All maps were rasterized to 30 9 30 m resolution (a 30 m cell size was assigned to the 1977-1978 map by majority rule) to a common geographic projection system. For all maps, LUC classifications were simplified from their original classification to six categories: urban (including sub-urban), agriculture, pasture, forest, wetland, and water. We further classified forests into young (*7-35 years old) and closed canopy, older forests (C35 years old) ( Fig. 1) (Brown and Lugo 1990) . Because of the merging of LUC classes and the source of the 1977-1978 maps, it is difficult to evaluate the overall accuracy of the three maps. Accuracy of the 1991 and 2000 maps is ca. 80%, slightly higher than reported elsewhere (Kennaway and Helmer 2007) due to aggregation from 27 to eight land cover classes. Details on the classification methods are provided in Appendix I in ESM.
Stream flow and water quality data Water quality and stream flow data for Puerto Rico were obtained from the U.S. Geological Services (USGS) National Water Information System (http:// nwis.waterdata.usgs.gov/pr/nwis/qwdata). We obtained daily stream discharge and water quality data for 105 stations that were actively collecting between 1977 and 2000, and had a total of 50 or more data points within this period. We only used data collected in streams, and avoided stations that were located directly downstream from dams. These criteria brought the total number of stations included in the Landscape Ecol (2011 ) 26:1151 -1164 1153 analyses to a range of 55-57 depending on the water quality metric (Table 1 ; Fig. 2 ). We examined several water quality metrics. Turbidity is a measure of light penetration, which is usually positively correlated with sediment erosion and in-stream production (Eaton and Franson 2005) . The concentration of dissolved oxygen (DO) in the water column is a measure of aeration and photosynthetic activity. We also used data for in stream concentration of total phosphorus and nitrogen. Concentrations of these nutrients reflect inputs from draining watersheds (e.g., fertilizers, sewage) and instream biogeochemical activity (Downing et al. 1999) . Fecal coliform (FC) and fecal streptococci (FS) concentrations have been used throughout the world as indicators for water contamination by feces (Meays et al. 2004 ). Since they can influence biogeochemical transformation, erosion, or fecal content, stream discharge, water pH, temperature, and streambed geology data collected at the study sites were used as covariates in the analyses.
Watershed delineation
To calculate LUC proportions for each water station, we delineated point-based watersheds. Only watershed areas upstream of stations were considered. Given the steep topography of the island, we delineated Fig. 1 Distribution of LUC classes used in the analyses shown over the study watersheds watersheds using the AGREE surface reconditioning system, a procedure that generates minimal watershed distortions (Hellweger 1997 ). The AGREE method uses known vector water networks to alter the surface elevation values of a Digital Elevation Map (DEM), within a given buffer distance from the vectors. After pre-processing the data, the AGREE algorithm was run on a 30 9 30 m DEM obtained from USGS (http:// seamless.usgs.gov/).
Using the adjusted DEM, we employed standard hydrology and watershed tools in ArcGIS to delineate all watersheds and sub-watersheds based on the location of the USGS stations. Watersheds were delineated according to U.S. federal standards at a 10 digit (5th basin level, 10,000-40,000 acres) hydrologic unit and the sub-watershed at a 12 digit (6th level, 40,000-250,000 acres) unit (FGDC 1998) . A unique watershed was drawn for each of the water stations. To assess the accuracy of the boundaries of these station-based watersheds, we visually matched them to area-based watershed and sub-watershed boundaries from USGS and USDA (USGS 2002). Boundaries were largely consistent across all watersheds. Watersheds with noticeable distortions were Models 1 (subwatershed) and 3 (watershed) included the percent of land area in each land use/cover in the whole watersheds and in the sub-watersheds respectively. Models 2 (subwatershed) and 4 (watershed) included these same land cover categories but only within a 60 m buffer in watersheds and sub-watersheds. Model 5 did not include any land cover predictors. The number of stations and observations used to fit the model and other covariates included in the models are also provided. Model comparisons metrics are BIC (log-normal data) and DIC (gamma data). Most parsimonious models are highlighted in bold usually distorted because of slight pixel misalignment along vector networks and could be redrawn more accurately by realigning pixels. Sub-watersheds were delineated by matching and intersecting existing USGS 12-digit sub-watershed boundaries with our stations-based delineations. All sub-watersheds were either a subset of the stations-based delineations or were approximately the same in boundary extent and area. We retained our stations-based delineations in areas where both USGS sub-watershed and stationsbased delineations boundaries overlapped. In areas where USGS sub-watershed boundaries sub-divided a larger stations-based boundary, we used the USGS sub-watershed delineations. In a few instances where boundaries did not entirely match, delineations were manually drawn using a flow accumulation layer from the adjusted DEM as guidance. We included only the areas that directly drained into our point of interest.
Since we were interested in investigating the impact of LUC on water quality at multiple spatial scales, we first calculated the proportion of each of the LUC categories at two spatial scales: watersheds and sub-watersheds draining into each of the water collection points. LUC at the watershed scale, however, may be less critical to water flow or quality than the characteristics of the riparian buffers (Hunsaker and Levine 1995; Heartsill-Scalley and Aide 2003, but see Silva and Williams 2001) . For instance, riparian buffers often act as nutrient sinks (Weller et al. 1998) . To assess the effects of LUC in riparian zones on water quality, we selected a 60 m buffer along all stream and river networks (USGS vector coverage) and calculated proportions for each LUC class in this buffer. The four spatial scales over which these proportions were calculated are depicted in Fig. 3 . These proportions were assigned to each water station data as follows: 1977 LUC values were assigned to 1977 -1984 water quality data, 1991 -1992 LUC values to 1985 data, and 2000 LUC values to the 1996 (Fig. 4) .
Precipitation
Daily precipitation data for the study period were obtained from the Puerto Rico and U.S. Virgin Islands Climate Office at the University of Puerto Rico, Mayagüez (http://atmos.uprm.edu/stations.html). We matched each USGS water station with precipitation data from the closest climate station. To control for antecedent conditions (e.g., soil saturation), precipitation data was summed for a 2-day period prior to each water quality, or stream flow measurement date. Preliminary analyses using a 7-day index of precipitation prior to measurement had worse fits to the data so we settled on the 2-day index. Fig. 3 Schematic illustrating the four spatial scales over which land cover effects on water quality were calculated (Models 1-4 in Table 1) Statistical analyses Data for all water quality measures were initially screened for clear outliers. For some sites on some days, water quality measures fell below the level at which commonly used field devices are capable of precise measurements and were recorded only as a measure that was less than a specified threshold (e.g., [0.01) (http://water.epa.gov/drink/contaminants/index. cfm#1). Rather than ignoring these data or simply using the threshold value, we chose to use half the threshold (e.g., 0.005).
For all water quality measures, we analyzed the data using generalized linear mixed models and began by comparing four ''full'' models. These models included as covariates the percentage of pasture, mature forest, young forest, agriculture, and urban cover types, with mature forest acting as the intercept or baseline. The four models differed in the area over which these percentages were calculated, either the whole watershed, the sub-watershed, or the 60 m buffers within the two whole watershed scales (Fig. 3 ). All models included the log of stream discharge as a predictor. We settled on the log of discharge after initial analyses suggested that it was generally a better predictor of water quality than the inverse of discharge, discharge itself, or antecedent precipitation. Based on previous findings, models for water quality also included pH, temperature, and streambed geology as covariates (McDowell and Asbury 1994) . We also considered a model of discharge as a function of precipitation and drainage area. The latter did not influence stream discharge but we established a link with precipitation in the 2 days prior to the date water quality was assessed (Table 2) . We also ran ''control'' models for discharge and water quality metrics that excluded all LUC covariates. The effects of LUC on water quality may be mediated by water availability which influences the residence time of water in the soil matrix and the ''flashiness'' of inputs (Neill et al. 1999) . For this reason, we also examined interactions between the extent of different LUC types and the log of discharge.
For lognormal-distributed data we used the lmer function in the lme4 package of the statistical software R (R Development Core Team 2008). Gamma-distributed data were analyzed using WinBugs Bayesian statistical software (Table 1) . Models were compared using BIC for gamma-distributed data or DIC lognormal-distributed data (Spiegelhalter et al. 2002) . After using model comparison to determine which full model was best for each water quality metric, we used backwards step-wise removal of predictors to assess which individual predictors were important drivers for each metric.
We calculated model goodness of fit as the proportion of explained variance (R 2 ) at the sample (data) and site levels using methods modified from Gelman and Pardoe (2006) . At, at the sample, or data level, R 2 was calculated as: 
where N sample is the number of samples, E is the expected value, V is the variance, y j is the water quality measure for the jth sample, bX j is the sum of the products of the estimated coefficient and the predictors, and x site j ð Þ is the random effect associated with the site of the sample. The expected value of the variance was calculated by averaging the value of the variance obtained from 1,000 independent draws from the joint posterior distribution of the fixed and random effects. At the site, or random effect level, R 2 was calculated as:
where N site is the number of sites, x k is the random effect for the kth site, and bX k is the product of the estimated coefficients and the mean value of the predictors within the kth site. Greater R 2 values at the data (sample) level indicate that the patterns are driven by temporal variation in covariates (i.e., changes in antecedent precipitation or land cover within a site over time) while a greater R 2 at the site level suggests that spatial variability in covariates among sites accounts for variation in response variables. This is an important consideration because often, comparisons across LUC categories implicitly substitute space (i.e., comparisons of stream condition indicators across watersheds of contrasting land uses) for time.
Results
Land use/cover underwent considerable changes in the majority of watersheds during the study period. Total forest cover increased dramatically from 1977 to 1991 but only slightly from 1991 to 2000 (Fig. 1 , Appendix I in ESM). To some degree, the extent of agriculture largely mirrored these trends. Analysis of deforestation patterns between 1977 and 2000 indicates that forest was most likely to be replaced by pasture, followed by urban land cover (Appendix Table A3 in ESM). The extent of urban cover increased steadily throughout the island during our study period (Fig. 1) . Table 2 Parameter estimates for the most parsimonious model after backward stepwise variable selection at the spatial scale which had the best fit to the data (Table 1) Water quality metric ( Mature, older forest is used as the intercept. Estimates are provided for LUC categories that were significantly different from those of older, mature forests. Standard errors are provided in parentheses. BIC/ DIC values after stepwise variable elimination and sample-level and site-level goodness of fit are also provided Our models explained from 30 to 58% of the observed variance in water quality metrics (Table 2) . In general, R 2 was higher at the data level suggesting that temporal variation in antecedent precipitation and LUC rather than spatial variation between sites drives the observed results for the majority of water quality metrics (Table 2 ). For instance, discharge and LUC explained 58% of the variance in in-stream phosphorus concentration at the sample level but only 15% of the variance at the site level. The only exception were FC/FS ratios for which spatial variation in LUC among sites accounted for almost twice as much of the observed variation as temporal variation in covariates within sites (Table 2 ).
Effects and spatial scaling of land cover/land use on stream water quality LUC composition can influence stream water quality via multiple processes operating at different spatial scales. For this reason, we ran four models that made different assumptions about the spatial area of influence of landscape composition on several water quality metrics (Fig. 3) .
The spatial scale over which LUC influenced water quality differed across metrics included in the analyses (Table 1) . Turbidity and DO, responded to the composition of LUC in the large scale drainage watersheds. In contrast, models that only considered LUC of the riparian areas buffering the streams in larger catchments were better predictors of in-stream concentration of nitrogen. Lastly, FC/FS ratios and in-stream phosphorus concentrations were best explained by LUC composition at the smaller subwatershed scale (Fig. 3) . Despite strong effects of LUC on all water quality metrics, stream discharge was only affected by precipitation in the 2 days preceding a sampling event (Table 1) .
After determining the spatial scale over which LUC influenced water quality, we used stepwise backwards regression for variable selection at the spatial scale which best fitted the data (Table 1) .
Turbidity and DO
Using mature forests as the baseline (intercept), the extent of urban and pasture cover in larger watersheds increased turbidity, a measure of soil runoff, fine particulate organic matter inputs, and in-stream production and morphology (Table 2) . Not surprisingly, turbidity also increased with stream discharge. The concentration of DO in the water column, a measure of water aeration and photosynthetic activity, was lower in watersheds draining urban areas relative to those draining older forests. DO concentrations were greater in watersheds dominated by agriculture or young forest re-growth than in those draining older forests. The negative effects of urban cover on DO, as evidence by the standardized regression coefficients, decreased DO concentrations threefold relative to the positive effects of pasture or young forest. As expected, DO concentrations increased with stream discharge (Table 2) .
Biogeochemical metrics
LUC in the riparian buffer zones in Puerto Rico had strong effects on nitrogen concentrations in stream water. Total nitrogen concentrations were higher in catchments draining riparian zones dominated by pastureland and urban development (Table 2) . Lower stream pH and temperature, and greater discharge were associated with higher concentrations of total nitrogen. Forest age also influenced total N concentrations in the stream, with lower N concentrations from watersheds draining young than mature forests. In contrast, phosphorus concentrations increased for all LUC categories when evaluated relative to an older forest baseline ( Table 2 ). The highest P levels were observed in streams draining watersheds dominated by pasture followed by those dominated by agriculture, urban cover, and young forests. Greater stream discharge led to higher in-stream P concentrations.
Biological metrics
FC and FS are indicators of fecal waste. Greater FC/ FS ratios typically indicate a greater contribution of human relative to animal waste (Meays et al. 2004) . FC/FS ratios exhibited a fine gradient of responses to LUC with highest values in streams draining subwatersheds dominated by urban development, followed by pastureland, agriculture, and young forest (Table 2) . FC/FS ratios, however, were unaffected by stream discharge.
Landscape Ecol (2011 Ecol ( ) 26:1151 Ecol ( -1164 Ecol ( 1159 Interactive effects of discharge and LUC on stream water quality
The influence of LUC on water quality metrics may be mediated by water availability. For this reason, we also examined interactions between the extent of different LUC types at the relevant spatial scale and the log of discharge. The reduction in DO with increasing urban development in the watershed was more marked at higher stream discharge rates (Table 2 ). In contrast, the positive effect of the extent of pasture and young forest cover in the watershed on DO concentrations intensified at lower discharge levels. We also found significant negative interactions between stream discharge and land cover composition on total P and N concentrations and stream turbidity. Specifically, the extent of pastureland in stream buffers of the watershed draining area increased turbidity as well as nitrogen and phosphorus concentrations but this effect was more marked during periods of lower stream discharge (Table 2) . We also observed greater effects of urban cover on in-stream nitrogen at lower stream discharge. Finally, the effects of forest age on in-stream N and P were stronger at lower discharge levels.
Discussion
Our goal in this paper was to investigate how historical changes in land cover and land use in Puerto Rico from 1977 to 2000 together with temporal variability in precipitation influenced stream water quality. Our approach allowed us to quantify the importance of spatial variation in LUC on stream conditions relative to changes in LUC over time, an important consideration given that, often, comparisons of water quality across LUC categories implicitly substitute space (i.e., comparisons across watersheds of contrasting land uses or covers) for time (i.e., tracking changes in stream conditions as land cover or use in the watershed changes through time) (Allan 2004 ). Our models accounted for 30-58% of the observed variance in water quality metrics. This percentage was higher at the data relative to the site level. This is an expected result given the lack of site level predictors (predictors that were constant throughout the study within sites) compared to the large observed temporal changes in landscape composition and discharge during the study period. The exception to this pattern-that is, greater variation at the site than at the data level observed for FC/FS ratios-may be driven by the absence of a discharge effect on this variable and large spatial heterogeneity in urban development, rural dwellings, and black water leakages from septic tanks and farm animals in small watersheds (e.g., Roth et al. 1996) . LUC in watersheds influenced all water quality indicators but these effects were idiosyncratic for each metric. Urbanization and pasture expansion in watershed catchments led to greater turbidity, and higher nutrient concentrations and FC/FS ratios relative to forested watersheds. An increase in turbidity and FC/FS ratios in stream draining pasturelands is not surprising given the potential for soil erosion and high animal fecal inputs in these watersheds. Similarly, the extent of impervious surfaces in urban area and the potential for pollutant inputs are likely to increase stream turbidity and FC/ FS ratios (Paul and Meyer 2001) . Our results also corroborate previous studies that found urbanized watersheds had higher N yields while forested watersheds had considerable lower yields (Paul and Meyer 2001; Ortiz-Zayas et al. 2006) . Surprisingly, the extent of agricultural land use affected DO, phosphorus concentrations, FC/FS ratios but not nitrogen or turbidity. The absence of an impact of agriculture on other water quality metrics in our study may be the result of non-linearities. Streams in agricultural catchments usually remain in good condition until the extent of agriculture is relatively high, typically a threshold of 30-50% of the upstream catchment area (Allan 2004) . In our study watersheds, agriculture accounted for only a small proportion of land area (median \3% at all spatial scales). The relatively minor extent of agriculture and its highly spatially clustered distribution may have also minimized the likelihood of finding an island-wide effect of agricultural land use on some water quality. Nevertheless, the extent of agricultural land use increased turbidity, in-stream P, and FC/FS ratios. Turbidity and P may simply indicate greater levels of soil erosion in these watersheds relative to a mature forest baseline. Large spatial heterogeneity in urban development, rural dwellings, and black water leakages from septic tanks and farm animals in agricultural watersheds may have contributed to greater FC/FS levels from watersheds with a high proportion of agricultural land cover (Roth et al. 1996) . This spatial heterogeneity may also explain the greater FC/FS ratios observed in streams draining younger forests relative to those draining more spatially homogeneous watersheds dominated by mature forests. Finally, we detected an effect of forest age on in-stream nutrient concentrations. Watersheds draining younger, successional forests had greater outputs of stream phosphorus and lower nitrogen levels than those draining older forests. Documenting changes in soil properties and biogeochemistry through succession has received a fair amount of attention in tropical regions (e.g., Reiners et al. 1994; Zarin and Johnson 1995; Schlessinger et al. 1998; Bautista-Cruz and del Castillo 2005) . Walker and Syers (1976) first proposed that P limitation should increase through succession and long-term soil development as demands from growing vegetation increase and P becomes bound to secondary minerals and SOM (Aerts and Chapin 2000) . The generality of this pattern, however, may depend on geological substrate, past land use, and mean precipitation levels (Bautista-Cruz and del Castillo 2005). Lower levels of nitrogen in watersheds draining younger forest relative to those from mature forests are expected given greater nitrogen demands from growing vegetation in younger stands (Reiners et al. 1994) .
DO also responded strongly to gradations in land cover. DO was lower in urbanized watersheds, an expected result given that eutrophication is a common outcome of urbanization (Paul and Meyer 2001; Ortiz-Zayas et al. 2006) . In contrast, DO concentrations in watersheds dominated by pastureland were similar to those dominated by mature forests. In a study of 35 riparian sites representing a range of pastureland and forest cover, Heartsill-Scalley and Aide (2003) uncovered a positive relationship between tree cover and stream DO in first order streams. The majority of streams in our study were 4th order or above, possibly hampering our ability to detect fine scale effects on stream DO. Differences in the range of tree cover in the watersheds between the two studies may also have contributed to these apparently contrasting findings. In our study, streams draining watersheds dominated by younger successional forests had greater DO than those draining areas dominated by older forests. A more fully developed canopy in older forests could have resulted in greater light interception, lower streambed irradiance, and lower stream photosynthetic activity (Hill et al. 2001) . We also found that streams draining catchments dominated by agriculture had greater DO levels than those from watersheds dominated by older forests, an unexpected result. Agricultural land use in the island may not be representative of agriculture in other regions. At the start of the study period, agricultural land use was dominated by coffee, a crop which decreased dramatically between 1977 and 1991. Structurally, coffee agroforests and plantations may resemble younger successional forests (Perfecto and Vandermeer 2008) .
Numerous studies have established statistical associations between LUC and stream condition (reviewed in Allan 2004) . Developing tropical regions are experiencing rapid urbanization, a phenomenon which is likely to degrade water quality (Paul and Meyer 2001) . Puerto Rico exemplifies how increased population and changes in land cover associated with industrial development can affect water quality (Santos-Román et al. 2003 ). The present drivers of forest recovery and urbanization in Puerto Rico reflect general processes at work in other tropical regions undergoing development (Rudel et al. 2005) . Unlike other tropical regions, however, Puerto Rico imports most of its food (Weisskoff 1985) . Countries with high intensity agriculture are unlikely to undergo the extensive reforestation observed in Puerto Rico; rather food demands from expanding urban centers may lead to higher deforestation rates (DeFries et al. 2010) , and greater fertilizer use. Regulation and enforcement of water quality standards in Puerto Rico is also likely to differ from other tropical regions. In the 1980s, legal pressure from the US EPA forced the local water authority to build and upgrade sewage treatment plants across the island and to remove many septic systems and raw discharges (Hunter and Arbona 1995) . These actions probably reduced N and P and fecal matter concentrations in some areas even though land use did not change. The negative effects of development in urban areas may not be ameliorated by landscape level reforestation or enforcement of water quality standards, at least in the initial stages of urbanization (Downing et al. 1999) .
Land use/cover in catchments had no impact of discharge in the study streams in contrast to a recent study in NE Puerto Rico (Wu et al. 2007 ). Apparently contradictory results are not surprising given that LUC impacts on stream discharge depend on geological substrate in the catchment area, levels of groundwater reserves, the degree of soil erosion and compaction, the age/biomass of growing vegetation, non-linear responses and threshold effects, spatial variability in precipitation, density of human populations, water withdrawals in the catchment area, and perhaps most critical to our study, the temporal and spatial scale of sampling (reviewed in Bruijnzeel 2004) . Like in many other regions, the frequency and scheme of stream sampling in Puerto Rico hinges on a number of logistical considerations. For instance, many stations have flow limits and are unlikely to be representative of the extreme precipitation events that typically accompany severe tropical storms. As such, our inability to detect an effect of land use on discharge may not be indicative of the full range of interactive effects of land use and climate variability on stream flow.
River and streams are hierarchical systems (Allan 2004) . Different metrics of stream condition are expected to vary in their responsiveness to large versus local-scale factors (Allan et al. 1997 ). The spatial extent over which LUC patterns influence water quality remains an unresolved question (reviewed in Gergel et al. 2002; Allan 2004) . This is in part because the spatial scale at which an effect is detected depends on how closely riparian land cover parallels that of the whole watershed, data resolution, the specific spatial configuration of land covers, and the interplay of anthropogenic and natural gradients (Hunsaker and Levine 1995; Gergel et al. 1999; Allan 2004) . For instance, variation in land cover is often greater at the riparian than at the watershed scale which likely contributes to the greater influence attributed to the riparian land use relative to regional effects in many studies (e.g., Stauffer et al. 2000) . This was certainly the case in our study: the coefficient of variation in urban cover at the small watershed scale is 0.94, at the large watershed 1.01, and at the buffer (watershed scale) 1.37. These trends were also observed for forest, pasture, and agricultural cover. As a result of these differences, effects of this local heterogeneity may be averaged at greater spatial scales (Wiens 1989) . Studies like ours that have examined the response of several water condition metrics to variation in LUC at multiple scales, including both riparian zones and whole watersheds, have encountered mixed effects.
For instance, Gergel et al. (1999) found similar support for models that explained dissolved organic carbon in lakes as a function of the proportion of wetlands in the total watershed and models using only proportion in riparian buffers. A synthetic understanding of the impact of LUC on water metrics at different spatial scales will require a mechanistic understanding of the biophysical and hydrological factors that influence water quality.
Understanding water quality responses to the interplay between anthropogenic and natural factors remains an important challenge. The effects of heterogeneity of LUC on water quality can vary daily, seasonally, and annually (Gergel et al. 1999 ). In our study, greater rates of stream discharge lead to higher turbidity, DO, and nutrient concentrations. Temporal variation in discharge interacted with spatial heterogeneity in land cover to influence water quality. Increases in stream nutrient concentration and turbidity associated with pastureland dominance were ameliorated at lower levels of discharge. This effect may be driven by lower soil-water contact at high levels of precipitation (Neill et al. 1999) . In a parallel fashion, the increases in DO, total N, and phosphorus observed in watersheds dominated by young forests and agriculture were lessened at higher discharge. We previously hypothesized that the difference in stream DO between these land covers and older forest was driven by variation in light incidence in the stream and litter inputs. The interaction between discharge and land cover found for agriculture and young forest is consistent with this interpretation if we assume that wetter periods with more discharge also have higher cloudiness and lower solar irradiance levels (Zimmerman et al. 2007 ). Finally, higher discharge exacerbated the negative effect of urban cover on DO but ameliorated impacts of in-stream N. Urban streams tend to be ''flashier'' and carry sewage and other pollutants which in turn can lead to eutrophication and low DO levels (Paul and Meyer 2001; Ramírez et al. 2009 ). Effects of nutrients, however, may hinge on the degree of dilution that accompanies changes in discharge.
Our findings highlight the importance of considering multiple spatial and temporal scales for understanding the impacts of human activities on watershed ecosystem services. Scale-sensitive analyses are needed to determine the effects of ongoing natural and anthropogenic disturbances on water quality and flow. A first step is to collect high quality data that captures the range of variability in anthropogenic and natural drivers, a task that may require innovative and flexible sampling schemes. Such an approach would allow for a deeper understanding of the spatial and temporal scales over which human activities influence water quality and how these scales vary along physical, environmental, and governance gradients.
